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Abstract

Ecological damage by phosphate (P) pollution in aquatic environments is a growing prob-

lem. Legacy P released from sediments impedes the restoration of water quality of freshwater

systems even with no external influx of P. The internal P loading causes prolonged eutroph-

ication which in turn causes anoxia and very harmful for aquatic organisms. Internal P

loading can persist for a very long time, so for restoration purposes it is necessary to mitigate

internal loading effectively. A promising method is the fixation of P in the sediment with

iron (Fe) compounds. In this study, we investigate the ditch system in Bovenlanden, a wet

peat meadow in the Western peat area in the Netherlands. In two ditches of the system,

iron-containing by-products from drinking water treatment, predominately consisting of iron

(oxy)hydroxides, have been added six months before in order to mitigate internal P loading.

Here, we evaluate the effect of Fe treatment on the P and Fe dynamics and composition of

the sediment, and on the benthic fluxes of P and Fe. We used a sequential extraction pro-

cedure to identify iron speciation in the sediment and examine P associated with Fe phases.

Benthic fluxes were monitored under laboratory conditions in sediment cores from treated

and non-treated ditches in the area, under both oxic and anoxic conditions. We found Fe

concentrations up to an order of magnitude larger in the treated sediment compared to un-

treated sediment. The Fe in the treated sediment was mainly extracted by HCl. Most P

was extracted by HCl as well, in both treated and untreated cores. Coinciding with elevated

solid Fe content, Fe concentrations in the porewater of the treated cores were high, rang-

ing from 30µM up to 350 µM. In contrast, P concentrations were lowered significantly (<

5 µM) at depth intervals with high Fe contents, compared to the high P concentrations in

the non-treated cores (5-100 µM). The difference in dissolved P and Fe in the porewater was

reflected by the benthic flux results, where P fluxes have decreased an order of magnitude

as result of Fe treatment. This shows that within the timescale of this study, the treatment

of peaty ditches with Fe-containing by-products is an effective way to suppress internal P

loading.
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1 Introduction

Since the the invention of agriculture, humanity has had influence on Earths natural cycles,

and this increased dramatically after the start of the industrial revolution. One of these

profound impacts, and most damaging for freshwater ecosystems has been a large increase in

available phosphorous (P) dissolved the surface water. P, on earth predominantly found in

oxidized form as phosphate (PO3−
4 ), is crucial for many biochemical processes, and typically

a limiting nutrient for plant growth as natural release from minerals is a relatively slow

process. (D. E. Schindler et al. 1993) For this reason, P availability has been an constraint

for food production during most of human history, when agriculture could only be sustained

on fertile soil where P was replenished, such as floodplains, and P-rich manure was a valuable

commodity. (Ashley, Cordell, and Mavinic 2011) From the 19th century onwards people

have turned to mineral sources of P in an effort to feed the growing human population. At

first, guano (accumulated bird droppings), became the primary source material for fertilizers,

but as guano reserves became increasingly scarce, the large scale mining of rocks rich in P

took over. In combination with artificially fixated nitrogen, mined P forms the bulk of all

fertilizers used today, and without a continued P supply we would not be able to produce

enough food to sustain the current population. (Cordell 2010; Vaccari, Powers, and Liu 2019)

However, the intensive use of mineral P has disrupted the natural P cycle, and replaced it

with a linear lifecycle, where a finite supply of P rock provides the P for plant growth, while

the P containing products are shipped globally and accumulates elsewhere, ultimately ending

up in oceans lakes and soils.(Ashley, Cordell, and Mavinic 2011) This linear P pathway is not

only threatening food security in the future when mineral P reserves will ultimately deplete,

today already we encounter severe problems caused by P accumulation. (Ansari et al. 2011;

Mekonnen and Hoekstra 2018)

1.1 The problem with P: eutrophication

The increased concentration of P in fresh surface waters disrupt the nutrient balance on

which the ecosystem has relied before, where P is a limiting nutrient. (D. E. Schindler et al.

1993) Not constrained by P scarcity, autotrophic microorganisms can multiply exponentially

in number. The enrichment of water bodies with high amounts of nutrients and following

phytoplankton bloom is called eutrophication. (Ansari et al. 2011) The algae or cyanobecte-

ria blooms block incoming radiation, hindering plant growth. The loss of aquatic plants,

combined with an increase in decaying organic matter (OM) from dead plants and detritus,

create very low redox conditions above the sediment, resulting in anoxia. (Correll 1998) The

lack of oxygen leads to loss of aerobic respirators, including aquatic animals, and this fur-

ther increases the stockpile of dead OM, enhancing the reductive conditions. (Matthews and

Effler 2006) In addition to suppressed oxygen availability, eutrophication causes ecological

damage when the anoxic conditions allow harmful substances to release from the sediment,

notably sulfide (HS−) and ammonium (NH+
4 ), both toxic for aquatic life in high concen-

trations. Meanwhile, P levels remain high through reduction of metal oxides adsorbing P,

together with P release from organic matter mineralization.
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1.2 External and internal loading

Eutrophication rarely develops in natural systems, only where the small natural P fluxes can

accumulate over time, and develops on geological timescales. (Ansari and Gill 2014) It is

therefore primarily a phenomenon caused by human activities, and is more widespread than

it would be under natural circumstances.

The increase in P concentaration starts when P rich water enters the lake or river. This ex-

ternal source of P is commonly referred to as external P loading. Raw sewage and wastewater

have polluted waters near urban centers since before industrialization and the issue persists

today in many parts of the world. (Ashley, Cordell, and Mavinic 2011; Azam et al. 2019)

Due to improvements in wastewater treatment, the external P load in Europe was reduced

and P levels in European rivers and lakes have on avarage decreased since 1992. (“Nutrients

in Freshwater in Europe European Environment Agency,” n.d.) However, the average P

concentration has stabilized in recent years at still dangerously high levels, as P load from

agricultural runoff has become a major pollutant, and causes widespread eutrophication many

areas. (Ansari et al. 2011; Mekonnen and Hoekstra 2018) The large global increase in de-

mand for animal products such as meat and dairy provoked an upscale and intensification

of livestock farming, leading to vast numbers of production animals kept close together. Via

imported animal feed, the nutrients from large sections of farmland are thus concentrated

within a small area, and often leak to the local surface water. It is for this reason that

almost all freshwater systems in areas with large-scale intensive livestock farming, such as

the Netherlands, experience some degree of eutrophication. (Mekonnen and Hoekstra 2018)

From research on lake restoration during the 20th century it became clear that eutrophica-

Figure 1 – Cycling of P in lakes: External and internal P loading. P deposited in the lake

sediment over time is released again.

tion persists even if all external sources are removed, as the source of P lies within the lake

sediment itself, hence: internal P loading.D. W. Schindler (2006) The recycling of P is a

natural process OM containing P settles on the lake sediment, and P is released when OM

mineralizes in the sediment (Fig. 1). The P cycling is thus closely linked to the cycling of OM

in lakes, which depends on primary production. In eutrophic systems, primary production
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is high, thus OM and P are deposited at an increased rate. When a freshwater system has

experienced eutrophication from external sources over a long period of time, much of the P is

sequestered in the sediment by OM deposition. (D. O’Connell et al. 2020) After the removal

of an external source, decomposing OM releases P to the water column, and this recycling of

P can keep the water eutrophic for decades after external loading has been removed. (Chorus

et al. 2020; Søndergaard, Jensen, and Jeppesen 2001)

1.3 Lake restoration targeting internal P loading

The extent of the ecological damage from eutrophication prompted efforts to restore water

quality of lakes and rivers in some places. However, eliminating external loading, by insulat-

ing the system from nutrient rich water sources in the vicinity and allowing only small-scale

agriculture nearby, is often not sufficient, particularly if the system has been severely eu-

trophic for a long time. For healthy P levels, the internal P loading has to be lowered as

well. Physical removing the sediment by dredging will remove some of the P rich layer, but

is an expensive method and is not always effective as it is restricted in how much sediment

can be removed, and high P concentrations often persist deep in the sediment. (Zamparas

and Zacharias 2014) Moreover, it is an invasive technique which disturbs the sediment and

risks contaminating the water. The problem of internal loading stems from the high dissolved

fraction of P in the sediment, so a promising solution is to bind the P in the sediment so

release is stopped. (Azam et al. 2019) Several materials are used as a P-sorption agent in

other applications and could be used to mitigate internal P loading, including modified zeo-

lites, lanthanum enhanced clays and aluminum compounds. (Azam et al. 2019) While some

of the materials have a high adsorption capacity for P, a lot has to be added to effectively

bind the large reservoir of P in the sediment, which can be an expensive endeavor. Moreover,

the solids could be buried deeper while phosphate rich sediment remains close to the surface,

making this method less effective. Iron (Fe) compounds are particularly of interest for P

binding in sediment. While less absorptive compared to materials designed to bind P such as

lanthanum clays, Fe is abundantly available and can easily applied in large quantities.

1.4 Issues of using Fe to bind P

In contrast to most sorbents used to bind P, Fe is relatively reactive, and sensitive to redox

conditions. While this is problematic for some applications, the redox sensitivity of iron can

be an advantage for containing P in the sediment. Fe is found in many natural systems, and

the redox-driven cycling in lake sediments is well documented. (Emerson 1976) Solid phase

ferric iron (Fe3+) in sediments with low redox conditions can be used by chemotrophs as

electron acceptor and reduced to ferrous iron (Fe2+) which is generally more soluble. The

now mobile Fe2+ can diffuse back to the surface, where it is oxidized again and precipitates

in the form of iron oxides. The reductive dissolution of Fe was previously thought to lower

its effectiveness as sorbent, as less adsorption sites remain available. However, through this

process Fe is continue recycled and remains close to the surface where it can adsorb P released

in the sediment. (Kleeberg, Köhler, and Hupfer 2012) This so called “ferrous wheel” forms

in this way an quasi-permanent layer of iron oxides on top, which is an effective trap for P

in the sediment. This mechanism can remain in effect until the Fe pool is saturated with P

(Fig. 2). Ideally, the P is bound deeper in the sediment as well to Fe2+ to form vivianite
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(Fe3(PO4)2)), removing the P from the system entirely. (Emerson 1976; Matthias Rothe,

Kleeberg, and Hupfer 2016)

Figure 2 – Simple schematic representation of the ferrous wheel controlling the P dynamics in

the sediment. Fe oxides with P adsorbed dissolves through reduction in the sediment. The now

mobilized ferrous iron dffuses to the water column, where it is oxidized again and precipititates

together with phosphate, thus forming a cycle. In this figure possibility of forming vivianite

(Fe3(PO4)2) is also presented. Fe is removed from the ferrous wheel when it reacts with dissolved

sulfide, and precipitates. Figure modefied from Kleeberg et al. (2012).

1.5 Fe containing by-products

Fe can be added to the system in several forms: as salt, or directly as solid oxide. At

Bovenlanden, the research site of this study, Fe-containing by-products from water treatment

was used to treat several ditches with the goal of reducing internal P loading. Water from

subsurface aquifers contains substantial concentrations of Fe, and to make the water potable

Fe is precipitated through aeration and filtered. The precipitate which is the by-product

consists primarily of ferric (oxyhydr)oxides. Many water treatment plants produce the by-

product and it is therefore available in large volumes at low costs.

1.6 Peat wetlands in the Netherlands and their restoration

As part of the Rhine delta, marine clay deposition and peat layers formed the Western part of

the Netherlands during the Holocene. Originally comprised of mainly inhabitable peat bogs

and tidal marches, the area was drained and cultivated gradually during medieval times.

A system of ditches, canals and lakes developed as a result of drainage practices, and the

intensive extraction of peat as energy source. (Borger 1992) In an effort to stimulate dairy
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production, intense farming of cattle was introduced in the area during the 20th century.

As a consequence, most surface water is highly increased in nutrients, and eutrophication is

widespread. In recent years the negative effects of land reclamation and intensive agriculture

of peat marches has attracted more attention. Dry peat soils cause subsidence and emit

significant amounts of carbon dioxide. Efforts to re-wet parts of the western peat area are

combined with restoration goals for biodiversity, as many meadow birds characteristic for

this kind of landscape can thrive on wet grassland. However, the plentiful lakes and ditches

in the area remain polluted by nutrients. (Keizer and Sinke 1992) Improvement of surface

water quality is essential to restore the nutrient poor conditions of biodiverse types farmland

common in this area before the industrial revolution.

1.7 objectives

Treating freshwater systems with iron has been done before, and it has been shown that many

parameters control the cycling of P and Fe. Several studies have shown that high sulfur (S)

content can weaken the effectiveness of Fe treatment by binding the iron as sulfide. Smolders

and Roelofs (1993) Other studies show that OM is important in the cycling of P and Fe.

(D. O’Connell et al. 2020; Schwertmann and Murad 1988) As hydrological and geochemical

conditions vary widely between systems, its effect on P and Fe dynamics is uncertain. The

ditches in Bovenlanden were treated to mitigate internal P loading, but the resulting sediment

composition nor the biogeochemical cycling of P and Fe has been investigated. In this study,

we will do this by comparing the sediment of a treated ditch in Bovenlanden to sediment

from untreated ditches in the same area. By analyzing samples from the field in detail and

monitoring the nutrient dynamics under laboratory conditions, we aim to answer the following

questions:

� Can the Fe from treatment be recognized in the sediment, and what is the Fe speciation?

� Did iron treatment bind P in the sediment, and in which binding form?

� How does iron treatment influence the internal P load in peat extraction ditches?

2 Methodology

2.1 Study site

Sediment cores and surface water were gathered at Bovenlanden, a peat meadow in South-

Holland, the Netherlands (N 52°, 9’ E 4°,52’). (Fig. 3) The area functioned as farmland

in the past, and is heavily influenced by fertilization. Nowdays, Bovenlanden is managed

by Natuurmonumenten, in a conservation effort to restore biodiversity in the western peat

meadow system of the Netherlands. The goal is to restore types of grassland common before

industrialization of farming, which have typically more diverse vegetation and form a habitat

for breeding meadow birds. To establish a nutrient poor wet meadow, water quality had to

be improved. To reduce external influx of P, most ditches in the southern part have been

detached from the surrounding surface water, keeping only one inlet via a weir, and runoff

from land was reduced by removing the top layer of soil containing most of the nutrients. In

2020, 60 tons of iron sludge was added to the southern two ditches to mitigate internal P
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loading. Water quality improved on visual inspection after a few months after the treatment.

Figure 3 – Overview of the study site. On the left the general location within the Netherlands

is shown. In the bottom right is indicated where Bovenlanden is located within the western peat

area. On the right a satelite image of Bovenlanden with important features highlighted. Two

ditches in the area have been treated with iron sludge in the past. Note the only water inlet is

located in the north, far away from the treated ditches

2.2 Core sampling

Sediment cores were collected on site the 23rd of February 2021. Two locations on the same

treated ditch were chosen based on distance from the inlet weir, each treated location was

paired with a reference location in a non-treated ditch nearby. (Fig. 4) For each of the four

locations 7 cores were collected using a UWITEC corer with a diameter of 6 cm. Sediment

depth in the cores was approximately 40 cm, with 20cm overlying water. Extra surface water

was collected for refilling during incubation sampling. Temperature, pH, dissolved oxygen,

and electrical conductivity were measured using probes. Surface water samples were collected

and filtered on site using 0.45µm pore size nylon syringe filters. 10 mL was subsampled for

Fe and P measurement, and directly acidified with 1% 3.75M HNO3, and another 2mL

subsampled and treated by adding 0.2% zinc acetate to fix sulfide. All surface water samples

and subsamples were stored cool. Directly after the field campaign, one core from each

location was sliced for porewater and sediment analysis. Slicing was performed under low

oxygen conditions in a glovebag filled with nitrogen gas. Slices were removed with a plastic

spoon at intervals of 1cm for the top 10cm, and 2cm intervals at greater depth. Sediment slices
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Figure 4 – Four location within the Bovenlanden system where samples have been taken. On

the northern of the two treated ditches, two locations on opposide sides were chosen: A and C.

To differentiate from the non-treated locations, they are displayed in red. Two nearby locations

in untreated ditches, B and D, are displayed in blue. The two sides of the ditch were chosen to

investigate the possible influence of surface water influx, as locations B and D are closer to the

water inlet in the north of the system.

were collected in 50mL centrifuge tubes and centrifuged at 3000rpm for 10min to separate

porewater from the solid sediment. In a glovebox with nitrogen atmosphere, the porewater

was decanted into a syringe with a 0.45µm nylon filter and filtered into four subsamples: 5mL

acidified with 1% 3.75M HNO3 for Fe and P measurements, 2mL with 0.2% zinc acetate for

sulfide measurement, 1mL in a vial for ion chromatography, and the remainder for measuring

ammonium. The solid sediment was freezedried, and homogenized with an agate mortal and

pestle under nitrogen atmosphere. Wet samples were stored cool (5°C) in airtight containers,

dry sediment was kept under nitrogen atmosphere.

2.3 Sequential extractions of Fe pools

Analysis of the iron pools in the solid phase was done with a sequential extraction method

based on Claff et al. (2010). The method was modified to include phosphate measurements of

the extracted pools by omitting the pyrophosphate extraction in the main sequential extrac-

tion. Relatively low concentrations of phosphate in the extract is not distinguishable from

pyrophosphate using elemental analysis, and a test confirmed that photometric phosphate

analysis did not work in a pyrophosphate matrix. Furthermore, the chemical similarity be-

tween pyrophosphate and phosphate could influence the phosphate binding to iron in other
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phases other than the targeted organic bound iron. For this reason, a two-step extraction

of MgCl and pyrophosphate was performed parallel to the main extraction to target iron

complexed with organic matter. (Table 1)

Approximately 100mg of dry sediment was weighed into a 15mL centrifuge tube. For each

extraction step, 10 mL of extraction solution was added with a dispenser under a continu-

ous nitrogen flow. After addition, the mixture was weighed, resuspended and shaken for a

specified time. After extraction, the suspension was centrifuged for 10min at 3000rpm, and

the supernatant decanted into a syringe with 0.45µm filter and the next extraction solution

was added immediately. The extractant was filtered and diluted 10 times before analysis

(see below). The last extraction step, which uses concentrated nitric acid and therefore very

reactive to material left in the filter, was not filtered and diluted 100 times to bring to a

workable pH.

step name extractant
extraction

time
target pool

Extraction

A
1 MgCl 1M magnesium chloride solution 1h

exchangeable iron,

iron salts

2 HCl 1M hydochloric acid 4h

easily dissolving iron

oxides and sulfides,

carbonates

3 CBD

50 g/l sodium dithionite in 0.35

M acetic acid and 0.2 M sodium

citrate buffer (pH 4.8)

4h crystalline iron oxides

4 HNO3 concentrated nitric acid (67%) 2h pyrite

Extraction

B
1 MgCl2 1M magnesium chloride solution 1h

exchangeable iron,

iron salts

2 pyrophosphate
0.1M sodium pyrophosphate so-

lution
16h

organic complexed

iron

Table 1 – Sequential extraction procedure for determining Fe speciation. The extraction is

performed in multiple steps using different solvents to extract iron phases. The sequence is build

up so each step targets a subsequent pool with lower reactivity. The procedure is modefied from

Claff (2010) by removing the organic targeting pyrophosphate extraction from the sequence and

instead to perform a parallel pyrophosphate extraction, here listed as extraction B.

2.4 Incubation setup for benthic flux measurements

To monitor benthic fluxes under oxic and anoxic conditions, sediment cores where incubated

in a climate chamber at 10°C for 60 days. For each location two cores were allowed to

turn anoxic, and two where kept oxic by aerating the overlying water by a submerged air

stream. To induce anoxic conditions, the cores were closed with an airtight cap with a

stirrer and filled completely with surface water. (Fig. 5) The decay in dissolved oxygen in

the overlying water was monitored with an oxygen probe. Change in composition of the

overlying water was monitored by taking 20 mL water from 1-3 cm above the sediment-water

interface using a syringe and tube, and filtered through a 0.45µm nylon syringe filter and

directly subsampled following the procedure as described for the porewater. The water was

replenished using surface water collected at the locations, in the anoxic cores this was done

simultaneously when taking samples to prevent air entering the core. Samples where taken
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from the overlying water on daily basis the first two weeks, and 2-3 times a week for the

remaining experiment. At the end of the experiment, one anoxic core for each location was

sliced and processed for porewater and sediment analysis.

Figure 5 – Incubating cores to monitor benthic fluxes. Left: Schematic representation of the

anoxic and oxic incubations. Right: Photograph of the climate chamber during the experiment.

In the center the oxic cores are aerated through tubes, while in the down-left corner the anoxic

cores are contnuously stirred by upside-down magnetic stirrers.

2.5 Analytical procedures

Surface water, incubation samples and porewater were analyzed on phosphate, total iron,

ferrous iron (Fe2+), sulfide and ammonium with spectrophotometry following standardized

methods using coloring reagents.(Murphy and Riley 1962) For P and Fe measurements, as

precaution against oxidation, subsamples were acidified after sampling with 1% 3.75M HNO3.

(Bray, Bricker, and Troup 1973) Calibration lines for ammonium, total iron and Fe2+ were

freshly made every day of measurement, while the phosphate calibration line was made once

and remeasured. Water samples were also measured by ion chromatography (IC), to quantify

common anions including sulfate and nitrate. The diluted extraction solutions gathered dur-

ing the sequential extraction procedure were analyzed by inductively coupled plasma optical

emission spectrometry (ICP-OES). In addition, spectrophotometry was deployed to identify

the oxidation state of dissolved iron, which was only possible in the HCl extracted pool,

as CBD and concentrated HNO3 strongly influence the redox potential, and the MgCl and

pyrophosphate extracts were exposed to oxygen during the extraction procedure. However,

the sediment was kept under nitrogen flow, and the low pH of HCl stabilizes the redox state.

Since HCl extracts various different reactive iron species, an evaluation on the redox state

is useful. However, many values of Fe2+ were found higher than total iron concentration.

Total iron measured with spectrophotometry correlated strongly with ICP-OES Fe data, and

is thus considered to be more reliable than the Fe2+ results, which are excluded from this

study.

The saturation index (SI), which signifies if a mineral is under- or supersaturated with respect

to a certain mineral, and is derived from the equilibrium constant and the activities of the

dissolved species of the formation reaction, was calculated for vivianite using the program

Mineql 5.0 (“MINEQL+ Chemical Equilibrum Modeling System,” n.d.) with the correspond-

ing data base. As the pH of the pore water has not been measured, the pH was systematically

varied between 6.0 and 8.0. For the calculation the average total concentrations of dissolved
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Fe and P in the pore water of the top 10 cm was used with values of 4 and 200 µM, respec-

tively. The ionic strength was assumed to be 1.0 mM. All other data was processed with R

in Rstudio. Concentrations were all converted into µmol per g for solids, and µmol per L

for solutions. The incubation data was also converted to mole per unit area by multiplying

the measured concentrations by the water volume and dividing by the sediment surface area

in the core. From linear regression slopes of these values over time the benthic fluxes were

calculated, which were tested on significance with a simple T test with a significance level of

0.05.

3 Results

3.1 Surface water

The surface water measured in situ at both the treated and non treated locations had dis-

solved oxygen concentrations of 9.5-10.5 mg/L and pH levels of around 8. While no significant

difference between treated and non-treated locations, water conditions did vary between the

locations closer (C and D) and further away (A and B) from the water inlet, due to a sig-

nificantly higher electric conductivity at locations A and B (438± 9µS and 451± 5µS), than

measured at locations C and D (395± 15µS and 397± 5µS).

3.2 Sediment analysis

Addition of Fe-containing by-products resulted in significantly higher Fe content of the sedi-

ments. The untreated sediment contains about 2wt% of Fe uniformly distributed over depth,

whereas the Fe content in the treated sediment varies considerably with depth and reaches

up to 25wt% at certain intervals, but is mainly found in the shallow (<10cm) sediment. In

total, the first 10cm of sediment of the treated cores contain 1550mg and 3580mg (cores

from locations A and C, respectively) of Fe, significantly higher than the Fe content of the

non-treated cores which in the top 10cm adds up to 490mg and 590mg (cores from locations

B and D, respectively).

In figure 6, left panel, which shows Fe concentrations acquired by sequential extraction, is

shown that the largest Fe pool extracted in the treated sediment is the HCl extractable pool

(average 50-60% of total Fe in top 10cm), in contrast to untreated sediment, where the HCl

extracted Fe is only about 10% of the total Fe in the 10 cm, and most Fe is extracted by

HNO3 (40-60%). The HNO3 extracted Fe content is constant with depth in all cores (116-223

µmol g−1, σ = 25 µmol g−1), and independent of variations in total Fe. In contrast, values

of extracted Fe in all fractions except HNO3 peak within the first 10cm of sediment, then

decrease with depth. This amounts to average amounts of Fe extracted in the non-treated

cores by HCl, pyrophosphate and CBD extractions 2-10 times higher in the top 10cm (HCl:

54 ± 22 µmol g−1; pyrophosphate: 12 ± 7 µmol g−1; CBD: 20 ± 6 µmol g−1) than in deeper

sediment (HCl: 18 ± 11 µmol g−1; pyrophosphate: 2.5 ± 2.1 µmol g−1; CBD: 13 ± 4 µmol

g−1), and in the treated cores approximately 20 times more (shallow HCl: 840 ± 520 µmol

g−1; pyrophosphate: 123 ± 55 µmol g−1; CBD: 240 ± 160 µ mol g−1; deep HCl: 36 ± 30 µmol

g−1; pyrophosphate: 6 ± 7 µmol g−1; CBD: 17 ± 7 µmol g−1). The size of all Fe pools other

than HNO3 is proportional to the total Fe content with a relatively stable distribution between

the pools: For the non-treated shallow 10cm of sediment the average molar ratio between
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Figure 6 – Sequential extraction results. The extracted Fe and P for each extraction step is

plotted as function of depth. Left panel shows the extracted Fe in each pool, the right panel the

P. The stacked and coloured integrals represent the relative size of the corresponding extacted

pool and the total width the sum of all pools. The pyrophosphate extraction was performed in

parallel, and is substracted from the HCl pool in the Fe data.

the HCl, pyrophosphate and CBD pools is respectively 6:1:2, though deeper in the sediment

this ratio changes gradually in favor of the CBD pool (MgCl2 pools are negligible, and often

below the detection limit). The treated sediment has an average HCl-pyrophosphate-CBD

ratio of 7:1:2 in the top 10cm, which means the treated cores contain relatively more HCl

extractable Fe compared to the untreated sediment.

In addition to sediment from cores which were sliced and processed directly after the field

campaign, selected cores used in the benthic flux experiment were partly sliced and analyzed

by sequential extraction after the experiment ended, of which the results are shown in the

right columns in figure 6. HNO3 extracted Fe content in non-treated cores are roughly 20%

higher after anoxic incubation than in the fresh cores, while the HCl and pyrophosphate pools

are 5-50% smaller.

Phosphate extracted during the sequential extractions correlates with the total Fe content,

and with the HCl pool. Most P (30-50% of total P) is extracted by HCl in all cores. In the

treated cores this is the largest pool of Fe as well, but HCl extracted Fe is just a small fraction

in the non-treated cores, still the extracted P is largest in this pool. (Fig. 6, right panel) The
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treated sediment contain more P extracted with HCl than the untreated sediment (on average

20-100% more at shallow depth; respectively 54-75mg and 33-48mg total P), particularly at

depths where the Fe content is highest, but the contrast is not as large as for the Fe content,

which can be an order of magnitude larger.

Figure 7 – Porewater concentrations as function of depth. The plots share the y axis which

represents the sediment depth, while the x axes are scaled individually for each dissolved species.

Cores from treated locations are shown in red, non-treated reference locations in blue. Top row

shows cores sliced directly after sampling, the bottom row after two months incubating under

anoxic conditions. Iron, phosphate, slufide and ammonia were measured with photospectometry,

sulfate and nitrate with IC.

3.3 Porewater analysis

Similar to the solid phase composition, addition of Fe containing by-products was also re-

flected in the composition of the sediment pore waters. Porewater of the non-treated cores

contain very little Fe (< 10 µM), but porewater Fe concentrations in the treated cores were

high (>30 µM up to 350 µM, see fig. 7) at depths with high solid iron content, and found

in both the 2+ and 3+ oxidation state. The ratio Fe3+/Fe2+ in the top 10 cm is relatively

high and exceeds 1 at certain depths. Concurrent with the solid Fe content, dissolved iron

is highest at 1 - 10 cm depth, and subsequently decreases with depth. Below this sediment

layer where solid iron is concentrated, dissolved Fe in the porewater is predominantly found

as Fe2+.

Phosphate concentrations in the porewater exhibit a trend opposite to that of Fe: P concen-

trations in porewater of non-treated cores are much higher (20-240 µM) than in the treated

cores, where P concentrations are low (< 5 µM). Similar to the P concentration decrease as
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result of added Fe, sulfide concentrations are considerably lower in treated cores (< 1 µM),

opposed to high sulfide concentrations in the porewater of untreated sediment (5-100 µM).

This effect persists deep in the core, below the shallow zone where sediment is enriched with

Fe. In addition, the decrease in sulfate concentration with depth in the porewater was steeper

in locations C and D compared to A and B.( Fig. 7)

Figure 8 – Time evolution of the concentrations of solutes in overlying water of incubated cores.

Cores with anoxic conditions induced during the experiment (left colum) are compared with

cores kept oxic by continue aeration (right column). The main goal was to study the difference

in benthic fluxes from treated sediment, here in red, in relation to untreated sediment, displayed

in blue. There are two treated and two untreated locations, every location is incubated in duplo.

The scale of the y axis is different for each parameter, while the x axis representing time in days

is the same for all.

3.4 Benthic flux measurements

The benthic flux experiment shows that Fe treatment changes the release of P and Fe sig-

nificantly over time, as P release is suppressed while Fe increase is enhanced. The increase

of P over time was highest in non-treated cores, and remain much lower in surface water of

treated cores. Furthermore, lowering the redox conditions of the overlying water increases P

release. Fe release from the treated sediment is dependent on redox conditions as well, and is

highest in the anoxic cores. The increase in Fe in the treated cores is characterized by high

flux (1-3 mmol m−2 day−1) at the start of the experiment, followed by a much lower flux
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after 1-2 weeks (Fig. 8). The non-treated cores on the other hand, exhibit much lower, but

still significant Fe fluxes, particularly in the D core, where they reach up to 200 µmol m−2

day−1 (Table 2). An initial increase in Fe concentration is in the non-treated cores is fol-

lowed by a gradual decrease, while at the same time the sulfide concentration increases. The

increase in sulfide in low redox conditions is coupled with a decrease in sulfate concentration.

Sulfide concentrations are not increasing in th treated cores, though sulfate concentration

decreases at the same rate as in the non-treated cores under anoxic conditions (0.6-1.6 mmol

m−2 day−1). Finally, nitrogen, in the form of ammonium (NH+
4 ) and nitrate (NO−

3 ), is less

influenced by the treatment. After an initial high ammonium flux (1-3 mmol m−2 day−1),

the increase slows down, and with oxygen available, nitrification dominates in the oxic cores.

While this pattern is found in all cores, the ammonium production rate appears to be smaller

during the initial rise, but larger during the long-term increase in the treated cores.

Benthic fluxes in mmol m−2 day−1

Anoxic incubations Oxic incubations

Fetot PO3−
4 NH+

4 HS− SO2−
4 PO3−

4 NH+
4 NO−

3

Time interval: I III II I III III III II I III

A 1.09∗ 0.22 0.11 1.48 0.30 0.00 -1.20 0.02 1.34 0.29

0.12∗ 0.12∗ 0.08 0.15∗ 0.27 -0.00∗ -1.11 0.02 0.81 0.18

B 0.08∗ -0.01∗ 0.23 1.33 0.18 0.42 -0.55∗ 0.07 0.23∗ 0.11

0.01∗ -0.01∗ 0.33 0.96 0.19 1.15 -1.23∗ 0.24 1.08 0.17∗
C 2.90 0.14 0.10 0.94 0.25 0.02 -1.42 0.01 0.27∗ 0.03∗

2.88 -0.00∗ 0.15∗ 2.00 0.29 0.02 -0.71∗ 0.03 0.18∗ 0.29

D 0.20∗ -0.03 0.39∗ 2.45 0.02∗ 1.32 -1.58∗ 0.31 1.40∗ 0.46

0.15∗ -0.03 0.95 3.31 -0.09∗ 1.72 -0.47∗ 0.22 0.96 0.16

∗ T test P value of linear model slope above 0.05

I: First 10 days

II: First 25 days

III: After a week

Table 2 – Estimations of benthic fluxes for selected species during incubation on various

timescales. The fluxes are computed by deriving the slope of a linear regression over time within

certain time intervals, which can be found in the table by roman numbers. The different time

intervals were chosen based on periods with relatively constant increase observed in the incuba-

tion data. Important to note is that the calculated fluxes have a high degree of uncertainty, the

values with an asterix are statistically not significantly different from 0.

4 Discussion

4.1 Effect Fe treatment of biogeochemical processes in the sediment

The peat meadow system in this study is generally very poor in Fe, and the Fe content in

the original sediment attributes to less than 2% of the dry weight. The majority of the Fe

in the untreated cores was extracted in the HNO3 pool, most likely as result of crystalline

sulfide phases such as pyrite formed in the sediment, where high sulfide concentrations are

found in the porewater. Phosphate is scarcely found within sulfide phases, so the presence of
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phosphate in this pool would be better explained as consequence of oxidation of the organic

matrix during the extraction, where concentrated HNO3 can act as oxidator mineralizing

OM and P is mobilized. Fe and phosphate bound electrostatically to organic matter would

have been extracted in earlier extraction steps, and do not influence these results. (Donisa,

Steinnes, and Mocanu 2007)

Addition of Fe drastically changed the composition of the sediment and porewater. The

top 10cm of treated cores show Fe contents up to 20 wt%, and in contrast to the Fe in the

untreated sediment which is immobilized in stable sulfide phases, the added Fe is mostly found

in the reactive HCl pool. Concurrent with the HCl pool, significant Fe extracted from the

treated sediment was found in the pyrophosphate and CBD pools. Pyrophosphate extracts

Fe associated with organic matter (Fe-OM) by solubilising organic substances, so it shows

that Fe-OM is present ubiquitously when sufficient Fe is available, and does not correlate

with total Fe in sediment or porewater. (Claff et al. 2010) In fact, the abundance of Fe

in the pyrophosphate pool decreases with depth below 6 cm, above the depth at which the

total Fe in sediment peaks. This can be explained if pyrophosphate extractable Fe-OM in

deeper sediment is limited by the availability of reactive organic substances rather than the

Fe concentration, which contradicts with the fact that organic matter is abundant even in

deeper layers. Alternatively, it could be that Fe is still complexed in deeper sediment where

Fe is available, but with less reactive forms of organic matter and thus less extractable with

pyrophosphate.

Because of meso-scale heterogeneity of horizontal Fe sludge distribution in the treated ditch,

the Fe content varies greatly between cores, and absolute size of the pools can therefore not be

compared. The variation in Fe content also explains the difference in vertical Fe distribution

between cores, as larger clumps of Fe sludge sink deeper in the sediment. Even though the

total Fe content in cores from treated locations varies between cores from the same location,

the composition of the added Fe-containing by-products at the time of treatment was the

same everywhere. In addition, the ratio between the pyrophosphate, HCl, and CBD pools

appears to be relatively constant between cores. As such, the relative changes of Fe pools

can be used to inspect changes between cores before and after incubation, even though total

Fe contents are very different. To only compare changes in the treated Fe, the reactive Fe

pools relative to the CBD pool can be taken, with the assumption that the CBD pool mainly

comprises stable Fe oxides which do not change significantly during incubation. In the treated

cores, both the pyrophosphate and HCl extracted Fe increase relative to the CBD pool.

Fe is found dissolved in the porewater in strong correlation with solid phase Fe content, and

in particularly the HCl pool. (Fig. 6) The high concentrations of both Fe2+ and Fe3+ in

the porewater suggest that reductive dissolution is not the only way Fe is mobilized. Direct

dissolution of oxides could play a role at low pH. This is unlikely but could be the case very

locally where Fe3+ oxidizes organic matter and protons are released. However, the buffer

capacity of the porewater is unknown and no pH data is available. Another explanation

is that the measured Fe3+ is not truly dissolved, but rather suspended in the porewater as

colloidal Fe oxide smaller than the filter poresize (.45µm). Alternatively, the Fe could be

complexed with dissolved organic matter and become mobilized. The high abundance of OM

in sediment matrix favors this theory, and it would explain the relative redox insensitivity
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of Fe dissolution in the sediment, as both oxidation states of Fe can remain in complex with

organic matter. Other studies have found that organic bound Fe3+ does reduce less easily,

which explains the possibility of high concentration of Fe3+ under low redox conditions. (D.

O’Connell et al. 2020; Schwertmann and Murad 1988) The redox insensitivity of Fe-OM

is also seen in the solid phase, despite the lack of data on the oxidation state of Fe. The

pyrophosphate pool did not decrease after incubating under anoxic conditions for two months,

and even increased relative to the stable CBD pool. This increase can be explained by the

complexation of Fe2+ formed by reductive dissolution of redox sensitive phases in the HCl or

CBD pools.

The low amount of Fe in the original sediment is mostly in reduced form, and is therefore

likely not a major oxidizing agent in the sediment. Without the energetically more favorable

Fe3+ reduction, sulfate becomes the principle electron acceptor below the sediments aerobic

zone (<0.5cm), supported by a very high high sulfate concentration in the surface water.

The ensuing importance of microbial sulfate reduction in the sediment not only assures a

steady release of organic bound nutrients including P, it also increases sulfide levels in the

porewater, which drives diffusion of sulfide to the oxic water column where it is recycled as

sulfate, closing the cycle. Whilst the formed sulfide is found in first instance dissolved in the

porewater, it will immediately precipitate and form pyrite when dissolved Fe2+ is present.

(Smolders and Roelofs 1993) The formation of pyrite can explain the increased HNO3 pools

in the non-treated cores after anoxic incubation. Sulfide in the untreated sediment is in large

excess to Fe, thus found in dissolved form throughout the core. Theoretically, the addition of

large quantities of Fe will disrupt the S cycle when an excess of dissolved Fe2+ precipitates

with sulfide and inhibits recycling. Over time, if sulfate reduction is maintained in the Fe

rich sediment, sulfur and Fe will accumulate until eventually one of the reactants is depleted.

Indeed, from the sulfur cycle perspective Fe acts as a sink for sulfide. The Fe treatment has

highly increased the availability of Fe2+, yet no evidence for large scale pyrite formation can

be found. Instead, a decreased total sulfur combined with a smaller HNO3 extracted pyrite

pool in treated sediment suggests the opposite: that less sulfide is stored in the solid phase

compared to the untreated sediment. Still, sulfide concentrations in the porewater are low

in the Fe-rich layer, suggesting other processes play a role in sulfur cycling in the treated

sediment. One possibility is that the sulfide did react and is now found in another solid pool,

for example in the HCl pool as Fe monosulfide (FeS), but this would lead to higher total S

in the solid phase, which is not observed. Studies on marine sediments have shown Fe3+ is

able to oxidize sulfide at deeper levels, albeit not completely to sulfate, but to intermediate

sulfoxanions such as sulfite (SO2−
3 ) and thiosulfate (S2O

2−
3 ). (Holmkvist, Ferdelman, and

Jørgensen 2011) It is possible that this type of sulfide oxidation takes place in the treated

sediments and exceeds sulfate reduction, leading to the observed decrease in solid bound

sulfide. The sulfur mobilized as intermediate oxianions can be recycled in place of sulfide,

and many sulfate reducing microbe can metabolise these compounds. (Krämer and Cypionka

1989) The cycling will then stop when all Fe in the anoxic zone has been reduced, and Fe

disrupts the S cycle as theorized before. In a next study, the hypothesis of Fe mediated

sulfur cycling can be easily tested by measuring sulfite and thiosulfate concentrations in the

porewater.

Phosphate in the non-treated cores is found in high levels dissolved in the porewater. This is
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in stark contrast with the treated cores, where P concentration are much lower, particularly

where the Fe content of the solid sediment is high. The correlation with solid Fe content

implies that the decrease in dissolved P is a consequence of P binding to Fe species in the

solid phase. Analysis of P within the extracted pools shows that most of the P is extracted in

the HCl step. The HCl extracted P pool dominates in both treated and untreated sediments,

despite the fact that the HCl pool in untreated sediment contains only a small part of the

total Fe. Phosphate in the treated cores correlates with Fe in the HCl pool, and seems to

accumulate in the Fe rich layer, which otherwise would have diffused to the surface.

Regarding the Fe speciation of the HCl pool and its association with P there are several

possible mechanisms:

� Phosphate can be adsorbed to amorphous Fe oxides.

� Fe and P are in complex with organic matter (P-Fe-OM).

� Phosphate and Fe2+ can coprecipitate and form mineral phases, primarily vivianite

(Fe3(PO4)2).

� Phosphate is not associated with Fe at all, but is bound to another phase extracted

with HCl (carbonates).

Whilst the redox potential in the sediment is in the range of sulfate reduction, and thus well

below the zone where amorphous Fe oxides are stable, the presence of Fe3+ in the porewater

suggests dissolution of an oxide phase. Furthermore, the size of the HCl pool does signify

much solid Fe, which could be be unreacted oxides from the treatment product which was

added in high volumes. The large surface area of poorly ordered Fe oxides accommodates

high number of adsorption sites, so it is expected at least part of the phosphate in the HCl

phase is adsorbed to this phase. Nevertheless, reductive conditions in sediment would have

continually accumulated Fe2+ since the sludge was added, which most likely is found in the

solid phase as well. Some of it precipitated with sulfide, but it is unknown how much and in

what form it resides in the HCl pool.

The calculated SI values (data not shown) increase from around -1.4 to 4.5 with increasing

pH from 6.0 to 8.0 respectively. Hence, around neutral pH the precipitation of vivianite is

thermodynamically feasible. However, in the calculations the formation of complexes of Fe

and P with dissolved OM and other dissolved constituents was neglected and it was assumed

that all dissolve Fe is in the form of Fe2+. Hence, the calculated SI values might be overesti-

mated. Furthermore, vivianite precipitation from homogeneous solutions has been shown to

require high supersaturation. (Matthias Rothe, Kleeberg, and Hupfer 2016) Still, lower in the

sediment, where phosphate levels are higher as well as high levels of Fe2+, the precipitation

of vivianite is more likely. (Emerson 1976) Furthermore, vivianite could form directly from

reducing oxides and phosphate. (Heinrich et al. 2020; Jilbert and Slomp 2013) The formation

of siderite (FeCO3) cannot be excluded, since carbonate becomes available when it is released

by mineralisation of organic matter, but often form at very high supersaturation. (Emerson

1976)

Additionally, both Fe2+ and Fe3+ can be complexed with organic substances. OM is part of
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the solid sediment matrix, but is also found in dissolved form and can mobilize Fe in that way.

(Schwertmann and Murad 1988) On the other hand, the complexes appear to be less redox

sensitive than mineral Fe3+, and can also keep Fe bound in solid form. (D. O’Connell et al.

2020) It is uncertain what the reduction of OM complexed Fe has for effect on P binding in

the complex, and there is a possibility that P is bound weaker to reduced Fe-Om complexes,

and P is released without co-release of Fe.

Conclusive evidence that one specific form of P-Fe coupling controls phosphate dynamics in

the HCl extractable Fe phases cannot be found within the data acquired in this study, and

it is very likely the case that more than one phosphate binding mechanism is responsible

for P fixation in the sediment. It is important to assess the relative contributions of these

mechanisms and to identify the Fe-P species involved in order to evaluate the effectiveness of

Fe treatment in the long term, since every mechanism has specific dynamics of P release and Fe

co-release. How permanent the different mechanisms bind phosphate in the sediment depends

on the stability of the formed species under the expected conditions. P adsorbed to oxides

is particularly vulnerable to the low redox conditions in the sediment, and will be mobilized

over time, while P bound to reduced Fe can form stable vivianite crystals which are removed

permanently from the system as it is buried deeper in the sediment. (D. W. O’Connell et al.

2015; Matthias Rothe, Kleeberg, and Hupfer 2016) It is therefore an important next step to

determine the oxidation state of Fe in the sediment, in order to constrain the availability of Fe

oxides and associated phosphate adsorbtion. However, for a more detailed investigation of Fe-

P speciation in the treated sediment, the sequential extraction procedure used in this study is

inadequate, as it is unable to distinguish individual Fe phases. Further research should focus

on a comprehensive description of the Fe-P dynamics by analyzing the sediment composition

in detail and quantifying the Fe phases. Common analytic methods for determining mineral

phases in sediment include X-ray diffraction (XRD), X-ray fluorescence spectroscopy (XRF)

and spectroscopic techniques based on scanning electron microscopy (SEM-EDX, EMP). (M.

Rothe et al. 2014) In addition, phosphate speciation can be investigated with the use of

phosphorous nuclear magnetic resonance spectroscopy (31P-NMR).

4.2 Effect Fe treatment on internal sources

The benthic flux experiment shows high P fluxes from the sediment are reduced by an order

of magnitude as result of the Fe treatment. Phosphate concentrations in water columns with

a height of 11-25cm of the non-treated cores reach highly eutrophic levels (about 50 µmol/L,

or 1500 µg/L), without any external input. In a shallow ditch with a depth of 50-100cm

these levels would be several times smaller, but nonetheless well above the threshold for

eutrophication. (Correll 1998) It is therefore important to evaluate in detail how the Fe

treatment changed the benthic fluxes. The low phosphate porewater concentrations as result

of Fe treatment persists throughout the Fe-rich top 10 cm, and remain low at the sediment-

water interface (SWI). Consequently, the diffusive flux of phosphate to the overlying water is

very low, as demonstrated in the incubation experiment, where phosphate fluxes of the treated

cores are an order of magnitude smaller than observed in the non-treated cores. Indeed,

comparing porewater profiles of non-treated cores from before and after the incubation it

appears that diffusion predominates the large increase in P concentration observed during

the experiment. It is likely that OM mineralization is the main source driving the diffusion,
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as studies show this is the predominant pathway for P release in organic rich systems. (Joshi

et al. 2015) Still, it is likely that other processes played a role as well, such as P release from

Fe phases and P mobilized by complexation with dissolved organics. When assuming that

OM mineralization close to the SWI controls the influx of nitrogen species, the associated P

flux can be approximated with the Redfield ratio (16/1) for N/P stochiometry in OM. By

using this ratio on the benthic flux measurements of ammonia and phosphate in the incubated

cores, an estimated 20%-30% of the total P flux in the untreated sediment is governed by

OM mineralization, assuming all released phosphate remains dissolved and is not re-adsorbed.

In the treated sediment, on the other hand, several mechanisms described in the previous

paragraph can bind phosphate released by OM mineralization before it can reach the water

column. This explains why benthic P fluxes in the treated cores are very low when the

water is rich in oxygen, even though nitrogen data show that organic matter is mineralized

at similar rates as the other cores. Under anoxic conditions, however, phosphate is released

to the water column from treated sediment as well, albeit much lower than in found the

non-treated cores. This redox-sensitive P flux can be interpreted in two ways:

1. Reduction of Fe oxides in the shallow sediment releases P to the water column. (Klee-

berg, Herzog, and Hupfer 2013)

2. P released independently of redox conditions, through organic matter mineralization or

another process, is not fixed as efficiently in the sediment as it would when oxygen is

present at the SWI.

In the ferrous wheel principle, the redox change is only of importance very close (<1cm) to the

SWI, as conditions deeper in the sediment would already be anoxic. Hence, the mobilization

of Fe and P will depend on the rate of reductive dissolution, while the benthic flux from this

layer would be less restricted by diffusion to the water column opposed to P mobilized deeper

in the sediment. This leads to a high initial flux, which weakens when all material is reduced

and the reaction stops. This pattern can be recognized in the benthic flux data of Fe, where

fluxes during anoxic incubation are in the range of several mmol m−2 day−1 the first 10 days,

after which the concentration stabilizes. This indicates a reservoir of very active Fe oxides

residing in the top layer, presumably relatively recently precipitated by Fe2+ oxidation at

the SWI. However, the same pattern is not seen in the P flux of the treated cores, which

exhibit a more gradual increase after the initial Fe flux. Based on the fact P and Fe fluxes are

uncoupled it can be concluded that the oxide toplayer did not contain significant amounts of

phosphate. However, as the Fe oxides in the top layer contain many adsorbtion sites, it binds

phosphate diffusing from deeper layers or released from other sources. Consequently, when

all of the oxides are reduced, this protective function is removed as well, and phosphate can

move to the water columnn. In this study, the following P flux is not coupled with Fe release,

which could mean it is all produced by OM mineralisation. An alternative explanation is that

it is released when Fe3+ is reduced, but the Fe2+ is not mobilized and forms instead complexes

with organic matter. Interestingly, the non-treated cores also show some redox sensitivity

with respect to P fluxes, despite the low Fe content. Because the untreated sediment has a

much smaller Fe oxide layer on top, it is completely saturated with phosphate. Thus, it lacks

adsorbtion capacity and does not prevent phosphate from entering the water column, and

will release a significant amount of phosphate when dissolved.
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4.3 Practical Implications

The P flux, though suppressed with Fe treatment, is still significant under anoxic conditions.

What would this mean for the system when stratification occurs, as can happen during sum-

mer months even in shallow peat systems? (Boers and Van Hese 1988) Kleeberg, Herzog,

and Hupfer (2013) poses that P release under anoxic conditions does not contribute to per-

manent P loading when release of Fe2+ is sufficiently high, as it would adsorb to precipitated

Fe oxides as it approaches the oxycline. The Fe concentration in our study does exceed the

phosphate in the surface water several times, and would be sufficient to bind all released P

as adsorption sites on the precipitating Fe oxides are in excess to the adsorbing P. On the

other hand, the Fe flux during the anoxic incubation stops after the initial increase when

the layer of Fe oxides is dissolved, while the phosphate concentration steadily increases. In

the event of a higher degree of saturation, and a stronger P flux from within the sediment,

it can happen the phosphate concentration is too high, and the Fe can not bind all released

P, resulting in internal P load. (Kleeberg, Köhler, and Hupfer 2012) Moreover, as the P

flux is not completely suppressed, and during an prolonged anoxic event the benthic P flux

can still be relatively large, the bioavailabile P pool directly increases in the shallow water

column of the ditch. This can result in algae blooms worsening the anoxia, which generates

a positive feedback cycle only be broken when the watercolumn is aerated and the dissolved

Fe oxidizes and the P is removed by co-precipitation. (Matthews and Effler 2006) This can

still be damaging to aquatic life, so for systems similar to the ditch system in this study it is

recommended to ensure the water is aerated regularly, in particular during summer months.

At Bovenlanden, the East-West orientation of the ditches following the dominant wind di-

rection provides natural aeration through convection, but for other systems more involved

methods could be necessary, including artificial aeration or the introduction of macrofauna

(bioturbation).

Within the limits of this study, internal P load appears to decrease with Fe treatment. Still,

the question remains on what timescale the treatment remains effective. Much is dependent

on the speciation of Fe and P, and further research is necessary to determine the speciation

in more detail. It would be interesting to inspect the same treated locations in several years

to assess the effect of the treatment on a longer timescale, for now we can only speculate on

the effectiveness over time.

The HCl fraction contains the most P and is also the largest Fe pool after treatment, so

a change of this pool over time will directly influence the effectiveness of the treatment.

Assuming the Fe species in the HCl pool effectively bind all dissolved phosphate until it is

saturated, the binding capacity of this Fe pool can be calculated by the phosphate-to-Fe ratio

(P/Fe) in the HCl fraction of the untreated sediment, where Fe is saturated with P and P is

found dissolved in the porewater. In the HCl pool of the non-treated cores P/Fe ratio is about

˜0.3 meaning for every 3 mole of Fe 1 mole of phosphate is bound. The P/Fe ratio in the HCl

pool of the treated sediment is about 0.05, which means that there is still capacity for binding

0.25 mole of phosphate per mole of Fe in the HCl pool before it is saturated. However, that

is under the assumption the Fe speciation in the HCl of treated and non-treated cores is the

same, which is not necessarily the case.

The evidence suggests Fe3+ in general, and amorphous Fe oxides in particular remain in the
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sediment below the aerobic surface layer. These could be unreacted treatment product or

freshly precipitated and buried oxides. The microbes in the sediment have not reduced all

potential Fe, and Fe3+ is a viable electron acceptor. The Fe oxides have the capacity to

adsorb P and in this way lowering dissolved P and ultimately the benthic P flux. However,

it is possible that over time most Fe oxides reduce, and this would remove an important

fixing mechanism for phosphate in the sediment. This does not cause problematic internal

loading when the Fe is recycled and sufficient Fe oxides are formed at the SWI, creating

an effective trap for the phosphate. (Kleeberg, Köhler, and Hupfer 2012) The supply of Fe

oxides in the oxic top layer is then driven by the amount of Fe2+ diffusing to the surface.

While the total reductive dissolution of Fe oxides in the deeper sediment would create a very

high gradient of Fe2+, it would not necessarily diffuse all to the surface, and a significant

part will be immobilized in mineral form. (Kleeberg, Köhler, and Hupfer 2012; Smolders and

Roelofs 1993) In a scenario where Fe oxides contain the majority of the fixed P, the dissolution

over time would increase P availability below the oxic zone. However, the P could also stay

bound to the now reduced Fe, as other studies have shown that vivianite can form from

reduction of Fe oxides with P adsorbed. Heinrich et al. (2020) Another important factor

for the availability of both Fe and phosphate is organic matter. The dynamics of organic

matter with P and Fe in the sediment are complex and not well understood, but cannot be

disregarded in view of the high OM content in peat sediment. OM can form complexes with

P and Fe fixing them in the sediment, but in the same way mobilize Fe from minerals when

the OM is dissolved itself. More importantly, it does not fix Fe or P indefinitely, which can

be released when the organic matter degrades. Furthermore, there is cautious evidence that

OM-Fe3+ binds phosphate better than OM-Fe2+, and in this way OM could be a sink for

available Fe to bind P. In summary, the treatment remains effective when the pool of Fe

recycled to SWI is not saturated with P, i.e. the recycled Fe pool is more than 3 times as

large as the P pool. There are more ways to immobilize Fe than phosphate and over time the

treatment will become less effective. (Kleeberg, Köhler, and Hupfer 2012) Moreover, when

influx of P in the sediment exceeds the removal by vivianite formation and burial, P will

accumulate in the active Fe layer, forming an even larger reservoir to be released.

To conceptualize the tranformation of Fe and P speciation after treatment it can be helpful

to simplify the complex dynamics and subdivide the treatment period in two stadia: the

reduction stage and the cycling stage. The reduction stage is based on the current situation

where Fe oxides and/or slow reacting OM-Fe3+ complexes are part of the first 10cm of

sediment and keep P adsorbed while gradually reducing. The cycling stage takes over when

most of the Fe3+ below the reactive surface layer is reduced, and the system reaches a

steady-state where Fe3+ oxides only occur close to the surface. The dynamics of this stage

are described in literature on FeCl2 treatment, where the benthic P flux is entirely controlled

by the ferrous wheel and its ability to bind P. (Kleeberg, Köhler, and Hupfer 2012) While

the reduction stage is clearly very effective in lowering P loading, the effectiveness of the

treatment will decrease during the cycling stage when the oxidized Fe at the surface is unable

to bind all P. The depth where Fe oxidation takes place is very shallow, so only a small

fraction of the Fe will be oxidized, despite the large excess of Fe from the treatment. This

would mean additional Fe treatment is required when the treatment starts to lose its effect.

If this is the case, it would be of interest to experiment with less reactive Fe products to

confirm if Fe3+ in deeper sediment controls the P binding at the medium term.
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While the focus of this research is on the dynamics of Fe and P, a brief discussion on other

geochemical effects of Fe treatment is appropriate, since the nutrient cycles of N and S also

play an important role in aquatic ecosystems. From the difference in reduction potential of

Fe3+ and sulfate follows that the former is energetically more favorable for metabolism than

the latter, so Fe-reducing microbes have an advantage over their sulfate-reducing counter-

parts. The addition of Fe oxide as metabolic pathway could therefore curb sulfate reduction.

(Holmkvist, Ferdelman, and Jørgensen 2011) That this is not happening in the sediments of

this study, as can be seen in similar sulfate reduction rates in both treated as non-treated

cores, is possible because organic matter is available in such abundance, that there is no com-

petition for energy sources. Indeed, the evidence suggests Fe reduction becomes a metabolic

pathway in addition to, not instead of, sulfate reduction, resulting in increased rates of organic

matter mineralization after Fe treatment. Because OM mineralisation directly influences the

N and P cycles, the presumed increase of mineralisation rates should be monitored on a

longer timescale to determine if the increase persists, or if the rates are temporarily increased

after addition, when Fe oxides are still available deeper in the sediment. How the disruption

of sulfur cycling by Fe influences the local microbiome or the larger ecosystem should be

investigated further, as for instance the decrease in toxic sulfide concentrations could have a

beneficial effect on organisms.

5 Conclusions

This study shows concretely how Fe treatment influences dynamics in the sediment when

we compared treated and untreated ditches within the same system. Legacy P in untreated

sediment, predominantly released from OM mineralization, freely diffuses to the surface wa-

ter where it accumulates at high rates, underscoring the extent of internal loading in the

ditch system. Locations treated with Fe-containing by-products will produce starkly reduced

internal P loading, and even a highly eutrophic system can be brought to acceptable P levels

in this way.

The Fe from treatment stayed within the top 10 cm, and deeper in the sediment the treated

cores resemble the original sediment. Fe extracted by HCl and CBD correlate with the total

iron, and contains presumably iron oxides remaining from the treatment, as the residence

time since treatment (6 months) is insufficient to completely reduce all stable oxide phases.

P previously dissolved in the porewater is subsequently bound to the added iron and this

brings down the internal P load significantly.

While we can conclude that the treatment was successful within a year, we have to be careful

when extrapolating the results to the future. The amount of P released to the surface water,

which ultimately defines the internal load, is a result of complex interactions between Fe,

P, S and OM in the sediment, and is difficult to predict. Based on other research on FeCl2
treatment of peat lakes we expect that the treatment in this system rapidly loses effect as

soon as sulfide starts to accumulate and the high OM content instead acts as a iron sink

as well as a phosphate source. (Immers et al. 2015) It is also imperative to remove any

external P load, which will accumulate in the Fe oxide pool and lower the effectiveness of the

treatment.
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To conclude, the treatment proves to be an effective method for the restoration of peaty

freshwater ecosystems on the short to middle term, and is much more cost-efficient and

low-maintanance compared to other treatments.
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